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wells or by geoelectrical measurements. Unfortunately, these low-cost techniques only provide
information on the total concentration of ions in solution, i.e., they cannot resolve the ionic
composition of the aqueous solution. This limitation can introduce a bias in the estimation of
aquifer parameters where sorption phenomena between saline tracers and sediments become
KE‘J{WOTdS-' relevant. In general, only selected anions such as CI~ and Br~ are recognised to be transported
Saline tracers unretarded and they are referred to as conservative tracers or mobile anions. However, cations
il;sitfréiaé;g;?:g:‘s”ty within the saline tracer may interact with the soil matrix through a range of processes such as ion
Cation exchange exchange, surface complexation and via physical mass-transfer phenomena. Heterogeneous
Modelling reactions with minerals or mineral surfaces may not be negligible where aquifers are composed of
fine alluvial sediments. The focus of the present study was to examine and to quantify the bias
between the aquifer parameters estimated during model-based interpretation of experimental
data of EC measurements of saline tracer relative to the aquifer parameters found by specific
measurements (i.e. via ionic chromatography, IC) of truly conservative species. To accomplish this,
column displacement experiments with alluvial aquifer materials collected from the Po lowlands
(Italy) were performed under water saturated conditions. The behaviour of six selected, commonly
used saline tracers (i.e., LiCl, KCl, and NaCl; LiBr, KBr, and NaBr) was studied and the data analysed
by inverse modelling. The results demonstrate that the use of EC as a tracer can lead to an erroneous
parameterisation of the investigated porous media, if the reactions between solute and matrix are
neglected. In general, errors were significant except for KCl and KBr, which is due to the weak
interaction between dissolved K™ and the sediment material. The study shows that laboratory scale
pre-investigations can help with tracer selection and to optimise the concentration range targeted
for in situ multilevel monitoring by unspecific geoelectrical instrumentation.

© 2011 Elsevier B.V. All rights reserved.

1. Introduction

In the Po plain (Italy), like in many other parts in the world,

unconfined shallow aquifers are often severely polluted. The area
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range of diffuse pollution sources resulting from the excessive
application of agrochemicals (Accinelli et al., 2002; Barra
Caracciolo et al., 2005; Onorati et al., 2006). In such aquifers
tracer tests are a crucial and regularly employed method to
characterise some of the key hydrogeological parameters that
control contaminant fate and transport (Benker et al., 1997; Ptak
et al., 2004; Thierrin et al., 1995). Unfortunately, comprehensive
tracer tests require a substantial effort in terms of chemical
analysis of a large number of samples, especially where grids of
multilevel sampling wells are involved (Rajaram and Gelhar,
1991; Sudicky, 1986). Numerous techniques have been devel-
oped to limit the duration of experiments and therefore to
minimise sampling and analytical costs. Forced gradient tracer
tests, for example, allow for faster breakthrough times by
increasing natural groundwater velocities (Chen et al., 1999;
Sutton et al., 2000). However, sampling requirements in many
cases might not be dictated by the absolute length of the
experimental period, but rather by the temporal resolution
required to resolve breakthrough signals at sufficient detail.
Therefore the high cost for sampling and chemical analysis may
be more efficiently reduced by employing in situ instruments
that provide continuous measurements. Most notably, electrical
conductivity probes equipped with data loggers have been
commonly employed to identify the parameters governing
nonreactive solute transport both in the laboratory (Choi et al.,
2007; Guber et al.,, 2005) and in the field (Cirpka et al., 2007; Vogt
et al,, 2010). Also, a range of geophysical techniques like time
domain reflectometry (Comegna et al, 1999; Munoz-Carpena
et al, 2005), electrical resistivity tomography and induced
polarization (Cassiani et al, 2006; Hordt et al., 2007; Slater,
2007) have been successfully applied to determine solute
transport parameters. All of these techniques can only be used
with confidence as long as a robust relationship between the
monitored electrical property and the tracer concentration holds
true under the site-specific conditions (Rhoades et al., 1989). For
instance, a linear relation between the EC of a solution and
concentration of a saline tracer is generally applicable and valid
for all cases where the soil matrix has little ion sorption capacity.
However, even under these conditions there are several factors
that can influence the usefulness of EC measurements at field
sites, such as temperature, water content, ionic composition
(Rein et al., 2004) and organic pollutants (Atekwana et al., 2004).
Also, natural, temporal variability in the ambient water
composition can mask the electrical conductivity signal that
originates from a salt tracer injection.

The aim of the present work is to highlight the potential
errors and limitations of low-cost electrical conductivity loggers
in obtaining reliable data for the characterisation of alluvial
aquifers via saline tracer tests and to understand the physico-
chemical processes controlling the transport behaviour of the
various tracers. A series of column experiments using sediments
typical and representative of the Po plain lowlands was carried
out. The miscible displacement tests were set up to compare the
most widely used saline tracers, including LiCl, KCl, NaCl, LiBr,
KBr and NaBr (Davis et al., 1985; Kass, 1998), at different flow
rates and concentrations. Effluents were monitored with EC
loggers and analysed for all major cations and anions by ion
chromatography. The tracer results were analysed by inverse
tracer transport and reactive transport modelling, using both
the classical advection dispersion equation (ADE) and the dual
domain (DD) formulation.

2. Materials and methods
2.1. Sediments collection and characterisation

Sediment material was collected at the L.A.R.A. ENVIREN
Hydrogeology Field Site situated inside the F.lli Navarra
Foundation for Agriculture, near Ferrara (NE Italy). The material
was sourced from the unconfined section of the aquifer, which
consists of recent fluvial sandy deposits from 0.8-1 m to 5-6 m
below ground surface (bgs). An auger equipped with a
sediment sampler at a depth between 1.5 and 2.5 m bgs was
used for collection. Two series of 5 sediment samples of alluvial
materials from two different depth intervals of 1.5-2 and
2-2.5m bgs (0 to 1.5 m below the water table) were collected.
The five samples from each depth interval were mixed and a
physical characterisation was performed for both of the two
resulting mixtures in triplicates, referred to as Column 1 and
Column 2 (See Table 1 for results).

Particle size curves were obtained using a sedimentation
balance for the coarse fraction and an X-ray diffraction Sedigraph
5100 Micromeritics for the finer fraction; the two regions of the
particle size curve were connected using the computer code
SEDIMCOL (Brambati et al., 1973). Constant pressure head tests
were used to infer the average hydraulic conductivity of each
column, while bulk density and water content were determined
gravimetrically. The gravimetric water content was measured for
saturated condition (after elution of a volume corresponding to
100 pore volumes). The residual water content was measured
gravimetrically in triplicates on air dried sediments after being
heated for 24 h at 105 °C.

The Cation Exchange Capacity (CEC) was estimated using a
three step displacement method (Sullivan et al., 2003), for both
sediments in triplicates (Table 1). In the first step %2 g of sediment
was shaken for atleast 1 h with 30 ml of 1 M of NaCl solution. The
mixture was then centrifuged and the supernatant was decanted
off in a container. This procedure was repeated two more times,
with the supernatant from each step being combined with that
from the previous steps, creating a final solution of 90 ml
analysed for major cations via ion chromatography.

2.2. Chemical analysis
Two LTC M10 Levelogger Solinst® data loggers were

placed in a flow-through chamber at the column inlet and
outlet to continuously monitor electrical conductivity and

Table 1
Sediment characteristics and their mean + of the standard deviation.

Parameter Column 1 Column 2
Grain size (%)

Coarse sand (630-2000 pm) 0.0040.00 1.00+0.01
Medium sand (200-630 um) 7.6+0.12 5.140.004
Fine sand (63-200 um) 66.34+0.3 52.84+0.4
Silt (2-63 um) 21.340.1 322402
Clay (<2 pm) 4.8+0.04 9.040.05
Hydraulic conductivity (m/s) 1.7e 5 +2e™ 6 4.8¢7642e7°
Bulk density (Kg/m?) 1.63+0.01 1.57+£0.01
Gravimetrical water content (%) 35.540.01 36.840.01
Residual water content (%) 3.7+0.02 4.84+0.03
Total porosity (%) 39.24+0.03 41.6+0.04
CEC (meq/L) 557+04 10.6+2.1
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temperature. The four electrode platinum conductivity sensor
was calibrated using four standard calibration points. An
automatic temperature compensation provided an EC accu-
racy of 410 pS/cm. The double data logger system employed
for the experiments permitted identification and elimination
of occasional EC oscillations within the influent water, and
thus maintenance of a stable base line. A fraction collector
Pharmalab TSC110 was employed to collect 5 ml effluent
fractions downstream from the inline EC logger. The
measured EC values were converted to dissolved saline tracer
concentrations using a linear relationship that was deter-
mined from five calibration points. The calibration procedure
indicated a reliable linear correlation for all tracers used in
this study. Aqueous samples from the column effluent end
were obtained with an AS-40 Dionex auto-sampler and the
major cation and anion concentrations were determined by
analysis with an isocratic dual pump ion chromatography (IC)
ICS-1000 Dionex. Three replicates were performed for each
sample to determine the standard deviations. The analytical
accuracy was found to be better than 2% for anions and better
than 5% for cations.

2.3. Column transport experiments

Column experiments were conducted using Perspex
columns with an inner diameter of 10 cm and a height of
100 cm, as described earlier in Mastrocicco et al. (2009).
Columns were packed with air dried bulk sediments as
collected at the field site and the packing was performed
with incremental layers of 34 0.5 cm excluding aggregates
with dimensions larger than 2 4- 0.1 cm. Prior to the experiments,
sediments were flushed with tap water for more than 100 pore
volumes to achieve complete chemical equilibrium between
water and sediments. Once a stable flow rate of 5ml/min
(~23 m/d) was established, breakthrough experiments were
performed in both columns by injecting, for every saline tracer,
100 ml of solution. A double port switch injector created a pulse
input of 2.0 g/1 for every saline tracer. As soon as the injection of
the tracer solution was completed, inflow was switched back to
tap water while maintaining steady-state flow conditions.
Flushing then continued for at least another 100 pore volumes.
The sum of the gravimetric and the residual water content is
referred to as the total porosity 6. Pore volumes of water in the
column, Pv (cm?/cm~3) were defined as:

P, = 6mr’L (1)

where r is the inner radius of the soil columns (cm) and L is the
length of the soil column (cm), and were calculated to be
3079 cm® and 3267 cm? for Columns 1 and 2, respectively. To
determine changed responses due to the flow rate and tracer
concentrations, additional breakthrough experiments were
carried out with input tracer concentrations of 0.5 and 1.0 g/,
and flow rates of 10 and 1 ml/min, respectively.

The experiments resulted in a tracer breakthrough. This
breakthrough is given as BTCs. The experimental BTCs were
corrected by subtracting the measured extra-column volume
of the tubing (25 ml) and of the flow-through chamber
(80 ml). Both the IC-derived BTCs of Br~ and Cl™ and the EC-
derived saline tracer BTCs were analysed with the temporal
moment method (Eriksson et al., 1997). Thereby the

normalized zeroth moment, M, quantifies the fraction of
tracer mass recovered in the effluent. The computation of the
normalized first moment, y;, which corresponds to the mean
arrival time of the tracer, was computed to define the linear
retardation factor R. The normalised central second moment,
Lo, provided a measure of the spreading of the tracer relative
to the centre of mass. Finally, the skewness S of the BTC was
computed from the ratio us/(u)'>, whereby ps is the
normalized third central moment (Vincent et al., 2007).

2.4. Modelling approach

2.4.1. Inverse modelling

The measured BTCs were further analysed with CXTFIT 2.1
(Toride et al., 1999), which can solve the ADE in parameter
estimation mode to fit the observed concentrations. In
addition to the standard ADE, CXTFIT also implements a DD
formulation that accounts for physical non-equilibrium
processes. In this formulation, the pore space is conceptually
divided into two distinct domains, mobile and immobile
domains. In the mobile domain, transport is assumed to be
governed by advection and hydrodynamic dispersion. Within
the immobile domain, no advective transport is assumed to
occur. Mass exchange between both domains is assumed to
occur through a rate-limited mass-transfer process. In the
model, the total porosity (0) is separated into a fraction
representing the mobile domain (6,,) and a fraction repre-
senting the immobile domain (6;,). The mass conservation
equation for the DD approach is (Van Genuchten and
Wierenga, 1976):
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where G, (ML™3) and G, (ML™3) denote the mobile and
immobile solute concentrations as functions of distance x (L)
and time t (T). Under steady-state flow conditions, the
hydrodynamic dispersion coefficient for the mobile region
Dy, (L’T™1), the mean mobile pore-water velocity v,, (LT '),
and the volumes 6 (L3L™3), 6,,, (1’L™3), and 6;, (L>L™3) are
assumed to be constant. D,, is defined as D,;, = \;v,,,, where \;
(L) is the longitudinal dispersivity. When 0,,=6, Eq. (2)
reduces to the single-domain ADE. The solute-mass transfer
between mobile and immobile regions is defined as:
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where o (L’L™3T~ 1) is a rate coefficient. Eq. (4) is combined
with Eq. (1) to give:
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The main characteristics that distinguish the DD from the
ADE BTCs of a tracer are the so called "early breakthrough",
related to accelerated transport via preferential pathways and
"tailing", due to diffusion driven processes into stagnant
zones. Thus, with increasing importance of preferential
pathways and stagnant zones the ADE becomes increasingly
inappropriate while solute transport behaviour can still be
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successfully described by the DD approach. In the numerical
models the 1 m long experimental columns were discretized
into 100 grid cells. The hydraulic conductivities and porosities
attributed to these grid cells are listed in Table 1. A constant
head boundary was used at both the influent and effluent
ends of the column to simulate steady-state flow rates. The
tracer pulse was simulated as a time pulse input boundary
condition. CXTFIT was run in inverse mode to estimate (i) N\,
where the BTCs were simulated via single-domain ADE and
(ii) Np, 6im, and o where the DD approach was employed.

2.4.2. Reactive transport modelling

Additional reactive transport simulations were performed
for a selected experiment to identify and quantify in detail the
solute-sediment interactions, in conjunction with physical
non-equilibrium processes. The simulations elucidated the
heterovalent multi-component cation exchange reactions,
which allow the selective displacement/replacement of
cations that occurs on clay minerals, organic matter and
hydroxides (Appelo and Postma, 2005). The reactive multi-
component transport code, PHT3D (Prommer et al., 2003;
Greskowiak et al., 2010), which can simultaneously account
for complex geochemical reactions and dual domain behav-
iour was used for this purpose. The local equilibrium
assumption (LEA) was assumed to hold for the simulated
chemical reactions, i.e., the competition of four exchangeable
cations (Ca®*, Na*t, Mg?*, and K*) for one type of exchanger
site. This was also suggested by our calculated Damkd&hler
numbers (e.g., Valocchi, 1985) which were always >100 for
all the investigated flow rates. The reactive model was
implemented to simulate a 20 min long injection of a 1g/
1 tracer solution (NaCl) into Column 2, followed by a flushing
period of 1.1 days. The column was discretized by a one
dimensional model of 100 grid cells, each of 1 cm length. The
initial and inflow water compositions used in the model are
listed in Table 2.

3. Results and discussion
3.1. Experimental results

3.1.1. Mass recovery

Measured solute elution curves were analysed by plotting
the normalized measured leachate concentration (i.e., the
ratio of the measured effluent concentration and the injected
pulse concentration, Cy) versus the number of pore volumes

Table 2
Initial and inflow water composition used in the PHT3D simulations of the
NaCl tracer experiment in Column 2.

Aqueous Initial water composition and  Tracer solution [mg/L]
components  flushing solution [mg/L]

Ca 35.0 37.8
Mg 12.0 12,9
Na 121 401.4
K 2.8 2.1
a 249 597.6
N(5) 5.5 5.6
S(6) 37.0 39.9
pH 7.6 7.5
pe 45 4.2

eluted, defined as V/V,, where V is the flux-averaged volume
of solute eluted (cm?) and Vj is the volume of water in the
column (cm?).

Fig. 1 shows concentrations of CI™ (Fig. 1a and c¢) and Br™
(Fig. 1b and d), as measured by IC for the fractions collected
from the column output, and, in comparison, the EC-derived
curves as measured directly on the eluate. It can be seen that
the shape of the BTCs determined by EC and IC differ,
particularly with respect to the peak shape. The EC-derived
curves exhibit a clearly longer tailing than those determined
by IC, specifically the BTCs for Column 2. In order to quantify
the difference between the elution profiles, a temporal
moment analysis was performed (Table 3). The results
indicate that the mass recovery estimates from the calcula-
tion of the zeroth moment for the EC-derived data from the
experiments where KCl or KBr were utilised as saline tracers
are essentially similar to those determined for the conserva-
tive ions Br~ and Cl~ (analysed by IC). However, in all the
other cases the EC-derived data lead to an overestimation of
the injected mass. The deviation in the computed mass is in
the worst case (i.e., for LiCl) +25% for Column 1 and +67%
for Column 2.

3.1.2. Retardation

R values estimated from the EC logged data are generally
greater than those estimated from the conservative, IC-deter-
mined anion tracers ClI~ and Br—. This originates mainly from the
tailing of the EC peaks, which causes the centre of mass to be
shifted. For Column 1, the bias in R estimation from EC-derived
data decreases in the order LiBr>LiCl>NaBr>NaCl>KBr>KCl. A
more complex breakthrough behaviour was observed for
Column 2. Here the order of the computed retardation factors
is NaBr>LiBr>NaCl>LiCl>KBr>KCl. By comparing the R(EC)
values of the saline solutions with those of the correspondent
anion (i.e., Br— and Cl7) the bias increases as: Na*>Li">K™. In
the literature it is generally recognised that the relative affinity of
ion exchange surfaces of alkali metal is: K™>Na*>Li" (Lyman
etal,, 1990). However, both the ionic strength of the medium and
the salt concentration have an influence in the exchange
equilibriums. Considering that ionic mobility in water decreases
with the order K*>Na™>Li", the observed R(EC) values follow
the same trend. This observation suggests that the elution is
governed by percolation.

Moreover, a more complex behaviour was observed in
Column 2. In this case the R(EC) values followed the subsequent
order: NaBr>LiBr>NaCl>LiBr>KBr>KCl. Comparing the R(EC)
values of saline solutions to those of the correspondent anion (i.e.
Br~ and C17) it can be seen that the bias increases as: Na™>
Lit>K".

Differences in the behaviour of saline tracers recorded by
ECloggers in the two columns were due to specific interaction
between solutes and sediments. In particular, since the ionic
nature of the solute and the fact that observed differences are
mainly due to the cation type, it seems that these differences
arise from cation exchange interactions.

3.1.3. Dispersion and skewness

To further investigate the behaviour of the saline tracers, the
mass spreading around the centre of mass (peak dispersion)
was evaluated by determining the second central moment
of the BTCs. From Table 3 it can be seen that the dispersion
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Fig. 1. Measured Cl~ (left) and Br™ (right) breakthrough data in comparison with continuously logged EC data for various saline tracers with input concentration
of 2 g/1 (Co). The upper panel shows results for Column 1 and the lower panels show results for Column 2. Error bars are plotted for CI~ and Br™.

calculated from the EC-derived BTCs of the saline tracers (i in
Table 3) is larger than that of the IC-determined Br~ and CI™
BTCs, except for KCl and KBr. Both, KCl and KBr show i, values
that are similar to those recorded for Br~ and Cl™.

Finally the skewness of the BTC data was analysed. A
positive skewness indicates a longer tail after peak break-
through, from the comparison between the skewness values
of the saline solutions and the correspondent anion chemical
reactions can be estimated. A perfectly symmetric shape of
the BTC results in a skew equal to 0 (King and Julstrom, 1982).
From the computed values listed in Table 3 it is clear that both
Br~ and CI™ as well as all the EC-derived saline tracer BTCs
show a tailing effect, although of variable extent. Thus, it is
not possible from the moment analysis alone to clearly

Table 3

Temporal moment analysis of BTCs in Column 1 and 2, M is the mass
recovery, R is the retardation factor, i, is the spreading around the centre of
mass and S is the skewness.

Column 1 Column 2

Tracer M R Lo S M R 1o S

Br— 99.7 1.03 0.04 1.15 938 1.00 0.08 1.27
Cl~ 954 1.02 0.03 1.19 999 1.01 0.07 125
EC-NaCl 1205 1.13 0.08 144 167.1 1.12 042 282
EC-NaBr 1122 114 0.14 128 1429 118 035 211
EC-LiCl 1253 116 0.07 087 1443 111 024 155
EC-LiBr 113.1 119 0.09 079 1226 1.14 023 199
EC-KCI 1004 1.08 005 117 1013 1.04 0.09 1.08
EC-KBr 101.8 1.10 0.07 1.09 999 1.06 0.09 1.09

differentiate physical non-equilibrium processes from chem-
ical reactions.

3.1.4. Impact of flow rates and salt concentrations

To identify the processes that cause this observed tailing, a
series of additional experiments was conducted, where flow
rates and salt concentrations were varied systematically. In
these experiments LiCl served as the saline tracer. EC data was
again logged continuously. Fig. 2 shows the results of these
experiments. It can be noticed that the tailing of the LiCl BTCs
increases with increasing flow velocity; this behaviour is
similar for all the examined salt concentrations, as shown by
the calculated S values in Table 4.

When the sample mass injected begins to exceed the
capacity of a specific site type that interact with the cations,
the peak tailing increases, the front of the peak will become
sharper and the back of the peak will tail more. Another clue
that the column is being overloaded is that retention will
decrease as greater sample mass is injected (Giddings, 1965).
Moreover, from column experiments it can be seen that flow
rate and salt concentration are important factors in deter-
mining peak parameters which, in turn, can be employed to
infer hydrological parameters.

These results indicate that the moment analysis of EC-
derived data alone is insufficient to generate a unique set of
aquifer parameters. Inverse modelling employing different
conceptual models was therefore used to further analyse the
measured BTCs obtained from IC-determined Br~ and EC-
derived LiCl data, respectively.
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Fig. 2. Comparison of LiCl breakthrough curves with EC logging for different concentrations of 2000 mg/L in red, 1000 mg/L in blue and 500 mg/L in black and flow

rates (black lines are 5 mL/min and blue lines are 10 mL/min) in Column 1.

3.2. Inverse modelling

The results of the inverse model simulations display, in
many cases, a good fit with the measured Br~ concentration
data (Fig. 3). Particularly the use of the DD approach resulted
in favourable model fits. This is indicated by average
regression coefficients (R?) of 99.6% and 98.2%, for Columns
1 and 2 respectively (Table 5). On the other hand, using the
ADE approach for the simulation of Br~ BTCs resulted
generally in less favourable model fits, as indicated by the
lower R? values of 92.0% for Column 1 and 85.2% for Column 2,
respectively. The EC-derived LiCl BTCs were not well
reproduced by the ADE approach, as illustrated in Fig. 3.

The ADE approach, in particular, failed to reproduce the
observed tailing, which was most obvious in the case of
Column 2, where the tailing is more pronounced. Conse-
quently, larger N\, values were determined by inverse
modelling (Table 5), i.e. values that were >100% above
those obtained from the corresponding DD models.

The DD approach provided a better fit of the EC-derived
LiCl BTCs for both columns. Nevertheless, since the observed
tailing needs at least partially to be attributed to ion exchange
reactions between the cations contained in the saline tracer
and the sediment material (as discussed earlier), the good
model fit may not directly imply a correct conceptual model
and parameterisation of the aquifer material. This problem is
indicated by the different parameter values that were
inferred from the EC-derived BTCs and from the IC BTCs.
The comparison of results shows that the DD parameters
obtained from the LiCl BTCs for Column 2 were different from
the DD parameters (Table 5) obtained from the Br~ BTCs. On
the other hand, for Column 1, where CEC was lower, all the
LiCl BTC fitted DD parameters were essentially similar to

Table 4
Temporal moment analysis of EC-derived LiCl BTCs in Column 1 at different
flow rates and influent concentrations.

Q (5 ml*min) Q (10 ml*min)
EC-LiCl M R I S M R I S
2000 mg/l 1208 1.12 008 0.07 1161 113 0.09 097
1000 mg/l 1100 1.06 0.14 008 1042 121 0.06 0.61
500 mg/1 1133 105 007 008 1107 119 0.07 0.65

those for the DD parameters obtained from Br— BTCs, except
for N\;. The discrepancy between parameter values gained
from the EC-derived LiCl BTCs and those gained from the IC
data implies that the physical mass-transfer process alone, as
simulated by the DD approach is not sufficient to accurately
represent the mechanisms that control the shape of the BTCs.
Therefore, in the following we investigate which role
geochemical reactions might have played on the modification
of the observed BTCs. The 1 g/l NaCl injection experiment in
Column 2 was selected for this analysis, as it exhibited a
particularly large tailing effect.

3.3. Reactive transport modelling

In the reactive transport model the solute-sediment
interaction was explicitly considered through an equilibrium
cation exchange model instead of the linear equilibrium
sorption model that was employed in the inverse modelling
with CXTFIT. The model parameters that were adjusted during
calibration were: the Cation Exchange Capacity (CEC), the
mass-transfer rate coefficient (o) and both the volume fraction
occupied by the mobile (6,,) and the immobile domain (6;,). In
contrast to the CXFIT model calibration, the calibration of the
reactive transport model considered observed BTCs from
multiple ions (Na, Ca and Cl) as calibration constraints.

Fig. 4 shows manually calibrated simulation results for CI~
and two reactive components, Na™ and Ca?" in comparison
with measured concentration. The figure also shows the
comparison with results from simulations where selected
individual processes were neglected. This comparison illus-
trates that the full reactive model, which includes exchange
reactions in combination with DD, provides the best agreement
with the observed results, while the alternative simpler
approaches failed to fit the observed data. In the observed
Na™ and Ca?>* BTCs a double peak s noticeable, which was most
likely resulting from changes in the influent tap water
composition. Obviously, both ADE and DD fail to reproduce
the retardation of the BTCs of Na™ and Ca?* in the absence of
the exchange reactions. In addition the application of the ADE in
combination with exchange reactions over predicts concentra-
tions of both cations and anions. Note that the calibrated CECs
were approximately 4 times below the analytically determined
values. This discrepancy can partially be attributed to the
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Fig. 3. Comparison of Br~ and LiCl BTCs versus model results using two alternative approaches, ADE and DD, for Column 1 and Column 2.

variability of the analytical results, as expressed by the mean of
the standard deviation in Table 1. However, a systematic bias
may also be attributed to the fact that access by physical mass-
transfer processes to some of the existing exchanger sites in the
immobile domain was (much) slower than that considered by
the single rate mass-transfer model employed in these
simulations.

3.4. Evaluation of the bias in transport parameters estimation

The estimation of \; via inverse modelling resulted in
significant deviations between the values obtained from Br™
and the values obtained from the analysis of the LiCl BTCs,
especially when the underlying model for the interpretation
assumed that the ADE was valid (Table 5). Excessively large \;

values were obtained for both columns when attempting to
match the broad peaks produced by the LiCl tracer solution.
Overall the ADE approach failed to reproduce the details of the
observed BTCs for both Br~ and LiCl tracers. This failure is
because for both columns a portion of the total porosity was
identified as being in an immobile zone (see Table 1). The DD
model approach, which conceptually incorporates the effects
induced by immobile zones, was therefore able to produce a
much better fit with the observed concentrations. However,
different parameter values were still obtained for Br~ and LiCl
in both columns (Table 5). The more comprehensive reactive
transport simulations of the NaCl tracer experiment in Column
2 were able to reconcile these discrepancies by considering an
improved description of the ion exchange process. Fig. 5 shows
the comparison of the two different CXTFIT simulations for the

Table 5
Transport parameters estimated by CXTFIT from Br~ and EC-derived LiCl BTCs obtained for Column 1 and Column 2.
Column 1 Column 2
Br~ADE Br DD LiCl LiCl Br— Br— LiCl LiCl
ADE DD ADE DD ADE DD
IC IC EC EC IC IC EC EC
\. (mm) 8.89 5.85 21.08 11.64 8.84 1.36 14.48 5.55
o (1/d) n.a. 0.297 n.a. 0.265 n.a. 0.832 n.a. 0.177
Om (-) 0.392 0.356 0.392 0.348 0416 0.226 0416 0.331
Oim (-) n.a. 0.039 n.a 0.044 n.a. 0.190 n.a. 0.085

R? 0.920 0.996 0.965 0.988 0.852 0.982 0.889 0.993
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Fig. 4. Comparison of measured CI~, Na* and Ca?* breakthrough curves (dots) versus results obtained with PHT3D for various, alternative process models: ADE
without cation exchange (dashed dotted lines), DD without cation exchange (dotted lines), ADE with cation exchange (dashed lines) and DD with cation exchange

(solid lines).

same experiment (both using the DD approach), one in which
the EC-derived BTC for the NaCl tracer experiment was fitted
and a second simulation in which the IC-determined ClI~ BTC
was fitted. The EC-derived BTC for NaCl led to a different set of
parameter values, which, as discussed before, can be attributed
to the exchange reactions between Na™*, Ca®?™ and Mg?™,
which are not accounted for in CXTFIT. The reactive transport
model simulation for this specific experiment quantified
simultaneously the mass-transfer processes and retardation
induced by immobile zones and heterovalent cation exchange
reactions. Note, that if the same model parameters (60, O;m,
and \;) are used, CXTFIT and the reactive transport model
simulations agree for conservative species, as expected
(Table 6). This is shown in Fig. 5, where only minor differences
between the simulated CI~ BTCs persist.

4. Conclusions and implications for field tracer tests

Usually electrolytic tracers are employed for subsurface
characterisation, but the interpretation of tracer test data

Xx10

- N
W N w

Cl, NaCl (mol/)
-—

Lt
o
.

0 0.2 0.4 0.6 0.8 1
Time (days)

Fig. 5. Comparison of measured Cl~ (circles) versus PHT3D with DD (red
line) and versus CXTFIT with DD (dashed green line); the NaCl derived BTC
(crosses) versus CXTFIT with DD (blue line) is also plotted.
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Table 6
Model parameters used in the reactive transport and nonreactive simula-
tions with DD approach of the NaCl tracer experiment in Column 2.

Parameter PHT3D (CI7) CXTFIT (C17) CXTFIT (EC)
Oim (<) 0.23 0.198 0.23

a (1/d) 0.90 0.87 0.31

CEC?® (meq/L) 2.40 - -

\r (mm) 0.90 1.22 10.12

@ The same CEC was used for mobile and immobile domain.

collected by low-cost techniques such as EC logging can be
biased by cation exchange reactions. Therefore, it can be
beneficial to assess the aquifer's CEC and its potential effect
on the selected electrolytic tracer prior to field tracer
experiments, as even sediments with medium to low CEC
can induce deviations from the generally assumed linear
relationship between EC and dissolved salt concentration.
Reactive transport modelling allowed for a comprehensive
and plausible quantification of observed data by considering
both physical non-equilibrium transport processes and cation
exchange reactions. The test procedure shown here can
provide some guidance on the selection of the best electro-
lytic tracer that most closely mimics conservative species
behaviour.
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